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 No-take marine reserve assessments were compared with and without habitat structure 23 
 Abundances of yellowtail kingfish were greater in NTMRs but only on complex reef 24 
 Including habitat structure increased deviance explained from 3% to 65% 25 
 This reduced the standard error of mean abundances in NTMRs by 40% 26 
 Assessment precision & accuracy improved, providing robust outcomes for 27 
management 28 
 29 
ABSTRACT  30 
Seascape variability may confound assessments on the effectiveness of no-take marine 31 
reserves (NTMRs) in conserving biodiversity. In most cases baseline data are lacking, resulting in 32 
evaluations of NTMR effectiveness being Control Impact (CI) assessments. Even with independent 33 
replicate areas among management zones, this approach can make it difficult to detect zone effects if 34 
seascape attributes, such as habitat structural complexity varies among experimental areas. To 35 
determine the importance of structural complexity in evaluations of NTMR effectiveness we 36 
performed assessments on the abundance of a targeted fish, yellowtail kingfish (Seriola lalandi), in 37 
the Lord Howe Island Marine Park (LHIMP). We compared assessments which did and did not 38 
account for structural complexity, quantified using high resolution multibeam bathymetry. Despite 39 
almost 3 times more S. lalandi in NTMRs, the traditional CI assessment explained only 3% of the 40 
variation in the abundance of S. lalandi and revealed no clear effect of protection. Incorporating 41 
structural complexity into the assessment increased the deviance explained to 65% and uncovered an 42 
important interaction between zone and structural complexity. Greater abundances of S. lalandi were 43 
detected in NTMRs compared to fished zones but only on highly complex reefs. By accounting for 44 
structural complexity, we demonstrate that the precision and accuracy of NTMR assessments can be 45 
improved, leading to a better understanding of ecological change in response to this conservation 46 
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strategy. Consequently, where marine park zones vary greatly in structural complexity, we strongly 47 
advocate for quantifying and accounting for such variability in assessments of NTMR performance. 48 
 49 
KEY WORDS 50 
marine reserves, marine protected areas, remote sensing, seascape ecology, habitat structural 51 
complexity, multibeam  52 
 53 
INTRODUCTION 54 
Highlighted as an effective strategy to address a number of human pressures that contribute to 55 
changes in marine ecosystems, no-take marine reserves (NTMRs) have increased steadily on a global 56 
scale in the last two decades (Halpern et al., 2010; Costello and Ballantine, 2015). To evaluate 57 
whether this form of spatial management is providing beneficial conservation outcomes, it is essential 58 
that no-take marine reserves are accurately assessed (McCook et al., 2010). Robust assessments of 59 
ecological change related to marine reserve zoning relies upon sampling designs capable of teasing 60 
apart the effects of protection. This entails disentangling specific ecological attributes from underlying 61 
temporal and spatial variability (García-Charton and Pérez-Ruzafa, 1999; García-Charton et al., 62 
2000). If natural variability is not accounted for, assessments of no-take marine reserve effectiveness 63 
may be confounded, potentially leading to misleading conclusions (Claudet and Guidetti, 2010). A 64 
popular approach to date has been Before After Control Impact (BACI) experimental designs, which 65 
allow zone effects to be separated from underlying natural variability (Underwood, 1992). This 66 
methodology however, requires sampling multiple times prior to NTMR establishment which rarely 67 
occurs (Halpern and Warner, 2003). Instead, most studies use a Control Impact (CI) approach where 68 
biological assemblages within protected areas (preferably replicated areas) are compared to those in 69 
adjacent, or nearby, partially protected or unprotected areas (Lester et al., 2009; Sciberras et al., 2013; 70 
Miller and Russ, 2014). Differences observed in biological assemblages among management zones 71 
are then inferred as evidence of a reserve effect. 72 
4 
 
A potential issue for CI studies testing no-take marine reserve effectiveness is that they may 73 
be confounded by seascape variability (Claudet and Guidetti, 2010; Huntington et al., 2010; Osenberg 74 
et al., 2011). For example, in coral reef environments numerous studies have demonstrated the 75 
importance of habitat structural complexity as an important driver of the diversity and abundance of 76 
fishes (Friedlander and Parrish, 1998; Almany, 2004; Gratwicke and Speight, 2005). Previous 77 
research has demonstrated that coral reef habitats of greater structural complexity generally harbour a 78 
greater diversity and biomass of fishes compared to reefs of low structural complexity. This 79 
relationship is likely to be a result of structurally complex habitats providing increased abiotic 80 
variability, niches and resources (Bell and Mushinsky, 1991; Friedlander and Parrish, 1998). 81 
Therefore, if structural complexity varies among management zones and is not accounted for in CI 82 
assessments on marine reserve effectiveness, there is a risk that incorrect conclusions may be drawn 83 
from such assessments (Young et al., 2016). 84 
A possible solution to this issue is to include a measure of structural complexity as a co-85 
variate in statistical tests of no-take marine reserve effectiveness, thereby improving the accuracy and 86 
precision of the assessment (Claudet and Guidetti, 2010). In the past however, this has been 87 
problematic due to the difficulties and costs associated with collecting seascape data over the broad 88 
spatial scales that NTMRs and multi-use marine protected areas (MPAs) encompass. Recent advances 89 
in remote-sensing technologies now allow seafloor habitats to be mapped in high resolution over a 90 
range of spatial scales (Mellin et al., 2009; Brown et al., 2011). Consequently, marine ecologists have 91 
employed this technology to explore relationships between remotely-sensed seascape measures, such 92 
as structural complexity and biological assemblages in both coral and temperate rocky reef 93 
environments (Kuffner et al., 2007; Purkis et al., 2008; Pittman et al., 2009; Rees et al., 2014; Ferrari 94 
et al., 2017). As strong relationships between remotely-sensed measures and biological assemblages 95 
have been observed; habitat mapping has become increasingly used in guiding the design of zones 96 
within MPAs (Pittman and Brown, 2011; Rees et al., 2014). Despite the applicability of this 97 
technology, the use of remote-sensing to account for potential seascape confounding in CI 98 
assessments is still in its infancy. This is most likely a result of the relatively high costs and limited 99 
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availability of this technology throughout many regions of the world.  However, as remote-sensing 100 
technologies become more cost effective and readily available (Mellin et al., 2009; Brown et al., 101 
2011; Ierodiaconou et al., 2011), the application of this approach to aid no-take marine reserve 102 
assessments is likely to become more feasible. 103 
In this study, we tested the effectiveness of no-take marine reserves in the Lord Howe Island 104 
Marine Park (LHIMP) with and without accounting for underlying differences in structural 105 
complexity. The LHIMP is located 610 km off the east coast of Australia in the subtropical region of 106 
the South Pacific Ocean. For many reasons the LHIMP provides an ideal system to test marine reserve 107 
performance while accounting for differences in structural complexity. First, Lord Howe Island and 108 
its surrounding waters have significant biological value, comprising the world’s southernmost coral 109 
reef and a diversity of both tropical and temperate taxa that includes a suite of endemic species (Edgar 110 
et al., 2010). Consequently, Lord Howe Island received World Heritage Listing in 1982 (Environment 111 
Australia, 2000). Second, the LHIMP is positioned in the subtropics; a region prone to the effects of 112 
climate change, and the marine park’s remoteness makes it vulnerable to ongoing and increasing 113 
anthropogenic pressures (Edgar et al., 2010). Therefore, it is critical that conservation efforts are 114 
adequately and accurately assessed. Finally, the Lord Howe Island shelf has been extensively mapped 115 
with high resolution sonar (~5 m resolution) to understand the distribution and structure of shelf 116 
habitats, particularly relict coral reefs formed 7000 to 9000 years ago (Woodroffe et al., 2010). As a 117 
result, quantification of structural complexity across the majority of the LHIMP shelf habitat is 118 
possible.  119 
To determine the importance of accounting for structural complexity in CI assessments of no-120 
take marine reserves, we performed two tests on the effectiveness of the LHIMP. The first, a 121 
traditional CI assessment and the second, a series of CI assessments including a measure of structural 122 
complexity. Both tests compared the effect of NTMR protection on the abundance of yellowtail 123 
kingfish (Seriola lalandi), a heavily exploited species of bony fish in the LHIMP (Figueira and Hunt, 124 
2012). We predicted that remotely-sensed structural complexity and reserve protection would 125 
influence the abundance of S. lalandi. Consequently, we predicted that the model including structural 126 
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complexity would explain more of the variation in S. lalandi abundance, therefore leading to a more 127 
accurate and precise assessment of NTMR effectiveness on this targeted species compared to the 128 
model excluding structural complexity. 129 
 130 
MATERIALS AND METHODS 131 
The Lord Howe Island Marine Park is a 3470 km
2
 multi-use marine park located 610 km off 132 
NSW, Australia, at latitude 3150’S. The marine park contains two separate shelf areas adjacent to 133 
Lord Howe Island and Balls Pyramid, which are separated by a 4 - 8 km wide trench reaching depths 134 
of approximately 500 m. The marine park covers the State waters (proclaimed in 1999) and 135 
Commonwealth waters (proclaimed in 2000) which surround Lord Howe Island and Balls Pyramid. 136 
State waters are from the mean high water mark to 3 nautical miles (nm) surrounding the islands 137 
while Commonwealth waters extend from 3 nm to 12 nm offshore. The study was undertaken on the 138 
Lord Howe Island and Balls Pyramid shelves between depths of 25 – 50 m. At this depth, 2 different 139 
management zones are present within federal and state waters. Zones are either, sanctuary zones 140 
which are strictly no-take marine reserves (referred to as NTMRs in this study) that prohibit extractive 141 
activities, or habitat protection zones which are partially protected areas allowing some forms of 142 
fishing, such as charter boat operations and recreational line fishing (referred to as fished zones in this 143 
study) (Fig. 1). Spearfishing and commercial fishing in the park is prohibited. 144 
The abundance of yellowtail kingfish; Seriola lalandi, was surveyed using baited remote 145 
underwater video systems (BRUVS) constructed by SeaGIS Pty Ltd with Canon HG21 video 146 
cameras. This species was chosen as they are the most common species targeted by fishers in the park. 147 
Catch by weight of S. lalandi based on landings by charter operators has ranged from 16,904 kg to 148 
24,313 kg per year between 2006 and 2011 (Figueira and Hunt, 2012). Depredation of hooked and 149 
released individuals by the abundant galapagos whalers; Carcharhinus galapagensis is a common 150 
occurrence in the LHIMP, therefore fishing mortality is likely to be greater than reported (Figueira 151 
and Hunt, 2012). Although S. lalandi inhabit both demersal, mid-water and pelagic environments 152 
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(Heagney et al., 2007; Rees et al., 2015), the majority of charter boat fishing effort for S. lalandi 153 
occurs on or closely associated with seafloor habitats (NSW DPI unpublished data). This includes the 154 
Lord Howe Island and Balls Pyramid shelf; the habitat assessed in this study (Figueira and Hunt, 155 
2012). In response to their high catch rates on the LHIMP shelf, S. lalandi are likely to show a 156 
positive response to the cessation of fishing (Claudet et al., 2010). In addition, the abundance and 157 
distribution of S. lalandi is likely to be influenced by structural complexity at the scale explored in 158 
this study. Reefs of high structural complexity are potentially optimal habitat for S. lalandi within the 159 
LHIMP, providing increased prey such as baitfish and macroinvertebrates as well as favourable 160 
abiotic conditions such as variability in current movements. Previous research has demonstrated 161 
increased catches of S. lalandi in areas of high structural complexity compared to areas of relatively 162 
low structural complexity (Hobday and Campbell, 2009). As a result, the response of S. lalandi to 163 
NTMR protection may well be influenced by the structural complexity of the reefs they inhabit. 164 
To estimate the abundance of Seriola lalandi, BRUVS were deployed at 16 sites within the 165 
LHIMP in 2009. Eight of these sites were in fished zones and 8 sites in NTMRs where fishing is 166 
prohibited. These sites follow the design of a long-term fish monitoring program in the LHIMP and 167 
were originally selected to representatively sample no-take and fished zones. Consequently, sites were 168 
not stratified over areas of varying structural complexity raising the concern over potential habitat 169 
confounding in the no-take marine reserve assessment. Serendipitously, however, survey sites were 170 
representative of the structural complexity exhibited on the Lord Howe Island and Balls Pyramid shelf 171 
between depths of 25 – 50 m (Fig.  A.1). In 2013 the same 16 sites were resampled and an additional 172 
5 sites were surveyed (Fig. 1), of which 3 were in fished zones and 2 in NTMRs. The additional sites 173 
in 2013 were again chosen to representatively sample no-take and fished zones. At each site 4 174 
BRUVS were deployed simultaneously (+/- 15 mins). We sought to position each deployment 200 m 175 
away from one another (average distance = 340 m). Due to difficult survey conditions there were 4 176 
occasions where deployments were within this distance (160 m, 140 m, 120 m, 120 m). For the 2009 177 
sampling period, bait consisted of 1 kg of crushed pilchards (Sardinops sagax) as there was a limited 178 
supply of bait on the island. As a result, the same kilogram of bait was re-used for each of the 4 179 
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BRUVS deployments within each site. Prior to deployment the bait was re-crushed in an attempt to 180 
keep bait plumes consistent. In 2013, bait bags were replenished for each deployment with a fresh 500 181 
g of crushed pilchards (Wraith et al., 2013). Although inconsistencies in bait use between sampling 182 
years is not ideal, no significant difference in the abundance of S. lalandi was observed between years 183 
(t = 0.77, df = 31, p = 0.45) suggesting discrepancies in bait use had little influence on our estimates 184 
of abundance for S. lalandi  (Fig A.2, A.3). In addition, previous research has reported that the 185 
quantity of bait has no effect on the abundance of fish recorded using BRUVS (Hardinge et al., 2013). 186 
All BRUVS were deployed for a minimum of 35 min to ensure a 30 min period was available for 187 
analysis. Previous research has demonstrated that a 30 min sample provides a representative sample of 188 
the fish at this latitude on the east coast of Australia (Harasti et al., 2015). Footage was analysed using 189 
Event Measure software (SeaGIS Pty). For each deployment, the relative abundance (Max N) of 190 
Seriola lalandi was recorded, which is the maximum number of individuals of S. lalandi viewed at 191 
any one time during the 30 minute sample. To determine the relative abundance of S. lalandi per site, 192 
the Max N of the four deployments was summed. Analyses were done at the site level as we sought to 193 
test the importance of structural complexity on the abundance of S. lalandi among sites, rather than its 194 
influence within sites. 195 
Multibeam data acquired around the Lord Howe Island and Balls Pyramid shelves were 196 
collated from multiple surveys on the shelf platforms to form a high resolution (5 m cell size) 197 
seamless grid of the region (Brooke et al., 2010; Mleczko et al., 2010; Linklater et al., 2015; 198 
Linklater, 2016). Using the focal statistic function within ArcGIS 10, the bathymetric data were used 199 
to calculate two measures of structural complexity at a number of spatial scales surrounding each 200 
BRUVS deployment (25 m, 50 m, 100 m, 150 m and 200 m radii). The first measure, vertical relief 201 
(VR), was the range in bathymetry at a given scale. The second measure, bathymetric variance (BV), 202 
was the standard deviation in bathymetry at a given scale (Wilson et al., 2007; Rees et al., 2014). 203 
These measures were averaged across the four BRUVS deployment positions to estimate the vertical 204 
relief and bathymetric variance of each site. Larger values of vertical relief and bathymetric variance 205 
indicated reefs of greater structural complexity (Table A.1). 206 
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To determine the importance of accounting for structural complexity in no-take marine 207 
reserve assessments we constructed a series of Generalised Linear Models (GLMs) with Negative 208 
Binomial distributions. The first model simply tested the effect of zone (fixed: fished versus NTMR) 209 
on the abundance of S. lalandi. A second set of models tested the importance of accounting for 210 
underlying structural complexity by including an interaction between zone and a structural complexity 211 
measure (VR or BV) calculated at a particular spatial scale (20 m, 50 m, 100 m, 150 m or 200 m). 212 
Only one measure of structural complexity at a single spatial scale could be included in each model as 213 
strong multi-collinearity (Pearson Correlation >0.5) was identified among these variables (Graham, 214 
2003). A third set of models were constructed to examine the importance of structural complexity in 215 
the absence of zone. This exploratory multi-scale approach was employed as the spatial scale that S. 216 
lalandi responds to structural complexity within the LHIMP was unknown. Sampling period; ‘year’ 217 
was not included as an explanatory variable as preliminary data exploration demonstrated that it had 218 
little influence on the abundance of S. lalandi (Fig. A.2). Models were ranked using Alkaike’s 219 
Information Criterion corrected for small sample sizes (AICc) and AICc weights, whereby the model 220 
with the lowest AICc was considered to have the best fit (Burnham and Anderson, 2002; 221 
Wagenmakers and Farrell, 2004). Models within 2 AICc points of the model with the lowest AICc 222 
were also considered as plausible alternatives. Spatial autocorrelation in model residuals was assessed 223 
for the best fitting model using spline correlograms (Bjornstad and Falck, 2001). Positive spatial 224 
autocorrelation was apparent in model residuals up to approximately 2 km (Fig. A.4). As only 2 225 
survey sites were within 2 km of one another, site 21 was removed from the analyses and spatial 226 
autocorrelation was no longer apparent in model residuals (Fig. A.4). To determine whether 227 
accounting for structural complexity had improved model fit and the assessment of NTMR 228 
performance we compared; i) variances of mean estimates of S. lalandi abundance within NTMRs and 229 
fished zones, and ii) the percentage deviance explained among models. All GLMs were run in R (R 230 
Core Development Team, 2014) using the package ‘MASS’ and the package ‘MuMIn’ was used to 231 





The distribution of yellowtail kingfish; Seriola lalandi was patchy, with individuals only 235 
being observed on 35% of the BRUVS deployments across the two sampling periods. Summing the 236 
Max N’s of S. lalandi across all deployments, a total of 164 individuals were observed during the 237 
study. Bathymetry of the Lord Howe Island and Balls Pyramid shelf revealed considerable variability 238 
in structural complexity (Fig. 2, Fig. A.5). For example, at the largest spatial scale examined (200 m 239 
radii), the vertical relief ranged from a minimum of 1.96 m to a maximum of 17.4 m across the survey 240 
sites (Table A.1). 241 
On average, there were 2.7 times as many Seriola lalandi in no-take marine reserves 242 
compared to fished areas. Despite this, the model that excluded a measure of structural complexity 243 
revealed no clear evidence for an effect of zone on the abundance of S. lalandi. This was primarily 244 
due to substantial variability surrounding the mean abundance of S. lalandi in NTMRs; 6.8 ± 3.0 (± 245 
SE) compared to fished zones; 2.4 ± 0.6 (± SE). 246 
All models accounting for structural complexity in the no-take marine reserve assessment 247 
were substantially better at explaining variation in the abundance of Seriola lalandi compared to the 248 
model containing just zone (Table 1). The model including the interaction between zone and 249 
bathymetric variance at the 100m scale provided the top-ranked fit (wAICc = 0.38) and explained the 250 
highest amount of deviance (D.E. = 65.47%). For these reasons, this model was preferred over the 251 
models including bathymetric variance at the 150m and 200m scale despite being within 2 AICc 252 
(Table 1).  253 
Accounting for structural complexity in the assessment revealed an important interaction 254 
between zone and complexity on the abundance of Seriola lalandi. No-take marine reserves had a 255 
greater abundance of S. lalandi, but only at sites displaying high structural complexity (Fig. 3). There 256 
was no difference in the abundance of S. lalandi between NTMRs and fished zones in areas of low 257 
structural complexity (Fig. 3). Incorporating structural complexity into the model also substantially 258 
reduced the variance around the mean estimates of S. lalandi in NTMRs (6.8 + 1.86 and - 1.43, SE) 259 
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compared to the model containing just zone (6.8 ± 3.0, SE). In contrast, variances remained similar in 260 
fished zones between the model accounting for structural complexity (2.4 +0.56 and -0.45, SE) and 261 
the model containing just zone (2.4 ± 0.6, SE). The model including structural complexity (BV 100m) 262 
in the assessment also explained a greater amount of the variance in the abundance of S. lalandi (D.E. 263 
65.47 compared to 2.89). Notably, both NTMRs and fished zones displayed a relatively even spread 264 
of sites displaying low to high structural complexity (Fig. 3). There was no significant difference in 265 
average structural complexity (bathymetric variance) between the two zone types (t = 0.42, df = 18, p 266 
= 0.68), hence the initial CI assessment was not necessarily confounded. 267 
The abundance of Seriola lalandi increased noticeably in no-take marine reserves where the 268 
underlying reef exhibited structural complexity (defined as bathymetric variance) greater than 2 m at a 269 
100 m radii scale (Fig. 3). Areas displaying this level of structural complexity were well represented 270 
in no-take marine reserves and fished zones on the LHIMP shelf (Fig. 4). 271 
 272 
DISCUSSION 273 
Using high resolution bathymetric data, we have demonstrated that reef habitat on the Lord 274 
Howe Island Marine Park (LHIMP) shelf exhibits substantial variability in structural complexity. We 275 
were concerned that such variability may confound our Control Impact (CI) test on the response of a 276 
targeted species of fish to marine park zoning, leading to uncertainty in the assessment (Miller and 277 
Russ, 2014). This was not the case as sites of high and low structural complexities were well 278 
represented between the two management zones. The inclusion of structural complexity into the test, 279 
clearly resulted in a more complex and useful model, with greater explanatory power compared to the 280 
test without structural complexity. Although the initial CI assessment revealed almost 3 times greater 281 
abundance of Seriola lalandi inside no-take marine reserves compared to fished zones, this 282 
relationship was imprecise due to high variability surrounding mean estimates. Incorporating 283 
structural complexity into the assessment revealed a clear zone effect on the abundance of S. lalandi, 284 
but this effect was only apparent over suitable habitat (i.e. reefs of high structural complexity). By 285 
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accounting for differences in underlying structural complexity, we demonstrate a strong effect of the 286 
removal of fishing on the abundance of S. lalandi. This study probably represents the clearest example 287 
to date that accounting for habitat structural complexity, can lead to substantial improvements in the 288 
precision and accuracy of assessments on NTMR performance. 289 
It is not surprising that the effectiveness of no-take marine reserve protection on the 290 
abundance of Seriola lalandi was dependent on underlying structural complexity. For S. lalandi, 291 
structurally complex reefs are likely to be optimal habitat, providing increased prey such as baitfish as 292 
well as favourable variability in abiotic conditions such as ocean currents. Strong links between biota, 293 
such as pelagic fishes and structural complexity has been observed previously (Bouchet et al., 2015). 294 
For example, Hobday and Campbell (2009) used a fine-scale scientific trolling method (km’s), to 295 
explore the importance of seafloor structural complexity on the catch rates of three pelagic species 296 
including S. lalandi. They demonstrated that abundance of S. lalandi was significantly related to the 297 
structural complexity of the seafloor. Catch rates of S. lalandi were 26 times higher over structurally 298 
complex features compared to distances away from structurally complex features. Furthermore, S. 299 
lalandi is the most heavily targeted species by charter fishing operations in the waters of the LHIMP, 300 
with an average catch of approximately 20,000 kilograms per year (Figueira and Hunt, 2012). This is 301 
expected to result in a lower abundance of S. lalandi in preferred habitat (i.e. high structural 302 
complexity reef) open to fishing. 303 
Given the breadth of literature indicating the importance of seascape variability in driving the 304 
spatial patterns in marine biological assemblages (Boström et al., 2011; Olds et al., 2016), we strongly 305 
recommend, if feasible, to quantify and account for such variability in NTMR and MPA zoning 306 
assessments. Previous studies have highlighted the need to standardize habitat type when assessing 307 
MPAs as differences in the diversity and composition of habitat types may confound comparisons 308 
between management zones (Friedlander et al., 2007; Harborne et al., 2008). To our knowledge only 309 
three studies have accounted for finer scale habitat variability (i.e. structural complexity, patch shape 310 
and size) when assessing NTMR effectiveness over a single habitat type such as coral reef or 311 
temperate rocky reef. The first by Huntington et al. (2010), assessed the Glover’s Reef Atoll Marine 312 
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Reserve, offshore from Belize, excluding and including natural seascape variability derived from high 313 
resolution IKONOS imagery. They found no reserve effects on the abundance and diversity of coral 314 
and fish assemblages when seascape variation was omitted from the assessment. However, when 315 
analyses were performed accounting for each sites’ seascape characteristics, significant reserve effects 316 
became apparent. The second study, by Young et al. (2016) tested the efficacy of a small marine 317 
reserve on southern rock lobster populations while using multibeam bathymetry to characterize and 318 
account for variability in seafloor structure. The third study, by Russ et al. (2005) reported that reserve 319 
effects were still apparent with the inclusion of structural complexity in the assessment as a co-320 
variate. Our findings accord with the previous literature highlighting the benefit of accounting for 321 
seascape variability to better understand the complex responses of taxa to marine reserve protection. 322 
We encourage future studies assessing NTMR and MPA zoning performance to, wherever possible, 323 
account for seascape differences such as structural complexity as it may lead to improved assessments 324 
and ultimately better conservation outcomes 325 
Not only did the inclusion of structural complexity improve the test on no-take marine reserve 326 
effectiveness, it also produced alternate findings, many of which have important conservation 327 
implications. As the abundance of Seriola lalandi exhibited a strong response to structural 328 
complexity, our results lend support to the use of remotely-sensed abiotic variables as surrogates for 329 
species of interest (Pittman and Brown, 2011; Rees et al., 2014). This information may be valuable in 330 
aiding the design of spatial conservation strategies, such as MPAs. Furthermore, the outcome that no-331 
take zones are most effective for S. lalandi over reefs of high structural complexity provides valuable 332 
information for the ongoing management of this species in the LHIMP. High resolution mapping of 333 
habitats on the Lord Howe Island and Balls Pyramid shelf indicate that the current zoning 334 
arrangement of the LHIMP is adequately representing this seascape attributes within NTMRs. 335 
Therefore, a better understanding of the benefits and functioning of marine reserves in this region is 336 
important to effectively manage the LHIMP and surrounding Commonwealth waters into the future. 337 
In conclusion, amid the growing concerns of increasing threats to marine biodiversity, 338 
globally there has been an unprecedented increase in the establishment of MPAs (Halpern et al., 2010; 339 
14 
 
Costello and Ballantine, 2015). As many MPAs need to consider socio-economic issues as well as 340 
ecological objectives there is a possibility that current MPAs and the zones within them (i.e. NTMRs) 341 
may not be effective in reaching stated conservation objectives (Roberts et al., 2003; Edgar et al., 342 
2004). Therefore, it is critical that MPA zones are accurately assessed to ensure objectives are being 343 
met. Without biological data collected prior to MPA establishment, however, it is difficult to tease 344 
apart effects of protection from underlying natural variability such as structural complexity (Garcia-345 
Charton et al., 2000). In this study, we present an approach to account for structural complexity using 346 
remote-sensing technologies, which allowed us to better assess no-take marine reserve performance 347 
within a multi-use MPA. We concur with Huntington et al. (2010), in that future CI assessments on 348 
marine reserve efficacy should incorporate measures of seascape variability, where the data are 349 
available. This will allow managers to better identify and understand the effects of the management 350 
strategies they have in place. The approach of incorporating habitat information with ecological data 351 
will provide a better understanding of the effects of marine reserves on marine biological 352 
assemblages, leading to improved conservation outcomes. 353 
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LIST OF TABLES 517 
Table 1. Results of Negative Binomial Generalized Linear models used to compare the abundance of 518 
Seriola lalandi between management zones with and without accounting for structural complexity 519 
calculated at various spatial scales. Top ranked model is highlighted in bold font. 520 
Model K logLik AICc ∆AICc wAICc D.E. 
Zone + BV 100m + Zone*BV 100m 5 -70.33 152.59 0.00 0.38 65.47 
Zone + BV 200m + Zone*BV 200m 5 -70.70 153.33 0.74 0.26 62.79 
Zone + BV 150m + Zone*BV 150m 5 -70.87 153.67 1.08 0.22 62.70 
Zone + VR 50m + Zone*VR 50m 5 -72.14 156.22 3.63 0.06 61.13 
Zone + VR 100m + Zone*VR 100m 5 -72.34 156.61 4.03 0.05 58.29 
Zone + VR 200m + Zone*VR 200m 5 -74.05 160.03 7.44 0.01 53.22 
Zone + BV 50m + Zone*BV 50m 5 -74.14 160.22 7.63 0.01 54.17 
Zone + VR 150m + Zone*VR 150m 5 -74.74 161.41 8.83 0.00 51.19 
Zone + VR 20m + Zone*VR 20m 5 -75.15 162.24 9.65 0.00 51.13 
Zone + BV 20m + Zone*BV 20m 5 -76.57 165.07 12.48 0.00 46.19 
BV 150m 3 -83.42 173.57 20.98 0.00 23.78 
BV 200m 3 -83.44 173.62 21.03 0.00 23.66 
VR 20m 3 -83.50 173.73 21.14 0.00 23.44 
BV 100m 3 -83.75 174.23 21.64 0.00 22.36 
BV 50m 3 -83.87 174.46 21.87 0.00 21.82 
BV 20m 3 -84.06 174.84 22.25 0.00 20.98 
VR 50m 3 -84.12 174.96 22.37 0.00 20.69 
VR 200m 3 -84.17 175.07 22.48 0.00 20.44 
VR 150m 3 -84.21 175.14 22.56 0.00 20.26 
VR 100m 3 -84.43 175.58 22.99 0.00 19.27 
Zone 3 -87.82 182.37 29.78 0.00 2.89 






LIST OF FIGURES 524 
 525 
Figure 1. A map of survey sites in the Lord Howe Island Marine Park. The Lord Howe Island shelf is 526 
in the north and the Balls Pyramid shelf to the south. Regions in pink represent no-take marine 527 
reserves while regions in blue, fished zones.   528 
 529 
Figure 2. An image of the high resolution multibeam bathymetry at site 20 on the Balls Pyramid shelf 530 
in Lord Howe Island Marine Park. Below a bathymetric profile of the 1 km transect bisecting the site.  531 
 532 
Figure 3. Relationship between the abundance of Yellowtail Kingfish (Seriola lalandi) and structural 533 
complexity in fished zones and no-take marine reserves across two sampling periods. Structural 534 
complexity is the bathymetric variance (standard deviation in depth) at a 100 m seascape scale. Trend 535 
lines constructed from the model using the ‘predict’ function in R. Shaded areas represent ± SE. 536 
 537 
Figure 4. Map of the Lord Howe Island Marine Park and areas of shelf habitat (25 – 50 m) displaying 538 
structural complexity (bathymetric variance) greater than 2 m at a 100 m seascape scale. Regions in 539 























































APPENDIX A 571 
 572 
Fig. A.1. Comparison of the mean bathymetric variance (100 m scale) of our study sites and the entire 573 
shelf habitat between management zones (± 1 standard deviation). Similarity among means indicates 574 
that study sites represented the structural complexity of the shelf habitat (25 – 50 m) within the Lord 575 








































Fig. A.2. There was no significant difference in the mean abundance of Seriola lalandi between years 586 
(t = 0.77, df = 31, p = 0.45). Error bars represent ± 1 standard error. 587 
 588 
 589 
Fig.A.3. Counts of Seriola lalandi at each site between the two sampling periods. Only sites that were 590 








































































Fig. A.4. Spline correlograms assessing spatial autocorrelation in the model residuals of the original 595 





















































TableA.1. Average vertical relief and bathymetric variance measures (m) at the various seascape radii 602 
scales surrounding each survey site. 603 
 Vertical Relief (VR)  Bathymetric Variance (BV)  
Site 20m 50m 100m 150m 200m 20m 50m 100m 150m 200m 
1 0.78 1.74 2.67 3.11 3.65 0.21 0.41 0.61 0.66 0.74 
2 0.23 0.62 1.19 1.62 1.96 0.05 0.14 0.25 0.34 0.42 
3 0.42 0.89 1.96 3.22 4.20 0.11 0.21 0.44 0.68 0.91 
4 0.62 2.03 4.51 7.08 8.76 0.16 0.43 0.91 1.46 1.91 
5 1.23 2.81 4.72 6.12 6.80 0.34 0.70 1.09 1.36 1.46 
6 0.76 2.14 4.68 6.58 8.25 0.20 0.50 1.03 1.47 1.89 
7 1.18 2.79 4.94 7.40 9.28 0.34 0.68 1.21 1.71 2.17 
8 1.04 1.70 2.44 3.24 3.96 0.27 0.47 0.59 0.69 0.84 
9 1.99 4.56 6.57 9.85 11.19 0.49 1.30 1.86 2.48 2.79 
10 3.27 5.60 7.05 8.80 10.40 0.96 1.77 2.28 2.52 2.80 
11 0.71 2.07 4.83 6.84 8.67 0.18 0.48 0.97 1.36 1.77 
12 1.17 3.20 4.75 5.68 6.36 0.30 0.76 1.20 1.31 1.39 
13 0.99 2.01 2.67 3.10 3.60 0.23 0.48 0.58 0.72 0.78 
14 0.51 1.16 2.41 3.88 4.57 0.12 0.23 0.47 0.80 1.06 
15 1.89 3.99 5.59 7.07 8.43 0.53 1.08 1.43 1.66 1.91 
16 2.54 6.42 9.44 10.60 11.25 0.65 1.60 2.34 2.85 3.22 
17 1.20 2.52 3.65 5.41 6.51 0.30 0.62 0.79 1.02 1.25 
18 2.46 5.80 8.52 11.15 13.75 0.66 1.45 2.14 2.56 2.87 
19 0.58 1.41 2.76 3.58 4.61 0.15 0.35 0.59 0.77 1.02 
20 2.14 5.42 10.36 14.94 17.44 0.53 1.28 2.20 3.16 3.78 
21 1.44 3.76 7.25 9.35 10.56 0.37 0.83 1.69 2.36 2.68 
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